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ABSTRACT

Carabid beetles meet the requirements of many
ecological studies because they are found in
almost all terrestrial ecosystems, are responsive to
environmental variables, and satisfy the criteria
for useful bioindicators. Carabid biodiversity studies
are now active nationally and internationally, but
sampling regimes are rarely standardized and
are often costly and time-consuming. We describe
how a pitfall sampling protocol for carabids that is
simple and easily repeatable by non-specialists
can be used for the rapid assessment of site
biodiversity quality baselines for the detection of
change. Using this methodology, change in carabid
beetle biodiversity quality is revealed, which
would not be detected by simple registration of
species richness or the presence of rare species.
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INTRODUCTION

Invertebrates are numerically dominant in most
ecosystems [1], yet their protection has traditionally
been dependent on trends in larger, more accessible
taxa [2]. Logistical setbacks with sampling,
combined with the problems of hyperdiversity and
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the effort needed in time, money and taxonomic
expertise to quantify invertebrate fauna has typically
militated against their use in routine conservation
planning [2, 3, 4, 5]. Increasingly, efforts are
being made to integrate invertebrates into surveys,
but a lack of common standards and incongruent
sampling techniques gives rise to stochastic and
patchy data. This prevents decision-makers from
making reasoned comparisons between sites,
which is a critical component of conservation
actions such as reserve design and development
compensation. However, the application of a
standardized sampling method would foster
uniformity of biodiversity values and allow site
comparisons using unbiased data [6, 7, 8].

Post hoc statistical techniques such as rarefaction
(editing of large data sets to match the size of the
smallest sample) and regression models (extrapolating
species richness for a given amount of effort
invested) have been employed to correct for
variation in sampling effort [9, 10, 11]. However,
data loss from rarefaction invalidates large
samples, and the errors inherent in both estimation
systems could be avoided if standardized sampling
techniques were available from the offset. Efforts
to produce standardized sampling protocols have
been made for a range of taxa, including butterflies
[12], birds [13, 14], mammals [15], carabid beetles
[16, 17], crayfish [18], ants [4], bats [19], termites
[20], therophytes [21], frogs [22], epigean arthropods
[6], dung beetles [23], spiders [24] and macrofungi
[8]. However, a generalized application of the
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methodologies described is difficult because the
criteria of standardization are contentious. Different
authors operate in fixed currencies of: (i) number
of sampling units [8, 25, 26]; (ii) time spent
sampling [19]; (iii) total area covered [27]; (iv)
number of observed individuals or species [28];
(v) percentage of total estimated species richness
[29]; (vi) number of previously unencountered
species [30]; and (vii) degree of sample variance
[27]. From this, we can identify two distinct
groups of standardization techniques: (a) those
that stipulate limits on time, effort and expense
beforehand (i-iii); and (b) those that involve
sustained sampling until a predetermined threshold
is reached (iv-vii). The former generates samples
of varying completeness, while the latter is not
conducive to rapid assessment and often validated
post hoc.

How should biodiversity be measured?

Of the biodiversity characteristics used commonly,
species richness is the most intuitive and most
commonly used measure of biodiversity, yet it is
strongly affected by inconsistencies in sample size
[10]. A diverse range of indices emphasize other
facets of biodiversity such as relative abundance
or evenness of species [31] but there is no
universal single index that meets the criterion of
an unbiased biodiversity value [27]. This is the
basis of a comment by Gaston and Spicer (2004)
[32]: “it is clear that no single measure of
biodiversity will be adequate. Indeed, given its
great complexity, it would be foolish to believe
the variety of life in an area, however small or
large that area might be, could be captured in a
single number”. A dangerous choice can thus arise
whereby one can be tempted to select an index
that will support one’s hypotheses most effectively
[33]. For the purposes of this paper and following
the research of Hooper et al. [34] and Petchey
et al. [35], biodiversity is defined as the quality of
a site that can be inferred from a number of
measured species characteristics of the populations
studied (sensu Feest [8]; Feest et al. [26, 36]).

A universal system for quantifying biodiversity
has obvious practical value. Progression towards
this goal includes initiatives such as the Global
Earth Observation System of Systems, which aims
to consolidate biodiversity-observing systems [8].

Our research hypothesis is therefore:

H1: A standardized sampling methodology will
allow the creation of a number of biodiversity
quality indices for establishing biodiversity
baselines.

In this hypothesis standardized sampling aims to
provide a methodology applicable to many different
organism groups; biodiversity quality indices are
used in the sense of Feest [8] and Feest et al. [26,
36] as individual biodiversity characteristics of
the sample dataset; and biodiversity baselines are
index values based on standardized sampling that
can a) be repeated in the future to establish the
probability of change; or b) be compared between
sites for probability of difference.

Methodological considerations

Sampling parameters can influence the reliability,
comparability and accuracy of data and carefully
designed surveys are thus of over-riding importance.
This was emphasized by de Solla et al. [22], who
found that two different monitoring programmes
for the same amphibian population produced
results with opposing trends. In setting the
standardized methodology, the following should
be considered:

Sampling technique

Individual sampling methods do not collect all
fauna equally [2, 37, 38] and species that are
difficult to detect using one method may be
collected abundantly with another [4]. This has
cultivated the wuse of “shopping basket”
methodologies, comprising a suite of techniques
for optimal taxonomic coverage [2, 5]. By contrast,
there is evidence that the use of just one or two
sampling methods is sufficient if the aim is to
maximize catches of particular target groups [5, 8,
38]. Lange et al. [38] clearly demonstrate that
pitfall trapping is effective for surveying ground
beetles (and spiders), but that the results depend
strongly on the standardization of the individual
traps.

Sample size

Problems with small samples are well articulated
[2, 4, 10, 38], but it is not clear exactly what
constitutes a small sample, because species richness
depends on a number of locally dependent factors,
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such as population density, ecological conditions,
geography, altitude, microclimate, vegetation
structure, season, activity levels and detectability.
Melo et al. [10] use the term “rich” for tropical
invertebrate inventories containing 30 or more
species, which should be achievable with limited
effort even in temperate regions.

Timescale

The activity and abundance of many animal
species varies between seasons and between
years, so if only one sample is to be taken, the
time of year could vastly affect the results [3, 40,
41]. Leponce et al. [41] also note that the
interpretation of single-sample inventories is
complicated by questions such as (a) which
proportion of the local fauna is represented; (b)
whether “characteristic” species have been included;
(c) whether the indices and biodiversity values
were calculated from the data accurately; and (d)
whether comparable results would be obtained at
different times of year?

Spatial scale

The choice of the spatial scale of sampling can
affect the precision of species richness estimates,
particularly for invertebrates, whose spatial
distribution varies between and within sites [42,
43]. For example, one might expect the species
richness of a sample to increase in proportion with
the distance between sampling stations because a
larger surveyed area is likely to include more
microhabitats containing unique assemblages. In
support of this theory, Alexander et al. [43] found
that insect species richness in agricultural
landscapes was more accurately estimated by
random, rather than structured, sampling.

What is a reasonable degree of sampling
effort?

Measures of species richness are virtually
meaningless without the context of associated
sampling effort [44]. Survey designs need to
consider practical and financial cost per unit effort,
and satisfy timescales relevant to conservation, yet a
huge amount of effort and expense is still devoted
to hand-collection surveys and the hobbyist
“stamp-collecting” paradigm of species inventories.
This tendency to search for rare sampling
opportunities can sometimes supersede rational,

objective sampling [45] and may reflect local
concerns, rather than international standards.
Martikainen and Kaila [39] presented results from
a ten-year study of beetles in two Finnish forests
and showed that almost all common species had
been detected after three years, so that additional
expense, and a further seven years, were devoted
entirely to the collection of rare and threatened
species. They concluded that: (i) there were
insufficient differences in species numbers between
the two forests to provide a reliable ranking; (ii)
“new” species collected later in the sampling
regime could have been uncharacteristic vagrants;
and (iii) management decisions based on the
presence/absence of rare species should be made
with caution. Similarly, Pearson and Cassola [46]
found that 50 hours spent hand-collecting tiger
beetles in nine sites in the Americas and Indian
subcontinent uncovered 78-93% of the total fauna.
An additional 5,000 hours of survey work added
only two to five rare species. Studies such as this
are important because they add credence to the
logic behind minimum sampling effort - a concept
committed to “replication rather than [further]
identification” [47].

Species accumulation rate

Species accumulation declines considerably as
sampling effort or area increases [48, 49]. The
minimum sampling effort is defined as the point
when additional effort is no longer justified by the
marginal improvement in species accrual [20].
Many authors caution against the use of minimal
sampling because detection of rare species
(arguably the most important in conservation
logic) usually requires great effort. For example,
Martikainen and Kouki [2] stipulate that detection
of rare beetle species in boreal forests requires a
minimum sampling effort of 200 trapped species
(or 2000 individuals) and at least double this
effort before any reasonable probability of finding
them exists. However, this does not take into
account that some (many?) sites might not contain
any species of notable rarity and should be
assessed using other criteria.

The conflicting imperatives of minimizing sample
size and generating data sets large enough to be
representative clearly necessitates a compromise
[20]. Inevitably, this compromise involves site
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comparisons based on relative, rather than actual,
differences [50]. Species accumulation curves can
be used to estimate the minimum sampling effort
required to obtain an efficient inventory and are
defined as ‘the cumulative number of species
plotted against some measure of the effort it took
to obtain that sample’ [19]. Species accumulation
rates are used for the estimation of true species
richness [51] along with non-parametric methods
(Chao 1 and 2 in Magurran [51]).

In this paper, we use a sampling protocol for
carabid beetles in a homogenous grazed uplands
habitat. The state of scientific knowledge of
carabids is good - they have been studied intensively
and are among the largest families of beetles
known to science [52]. They are globally wide-
ranging, ubiquitous in all ecosystems from the
tropics to the boreal zone and sampled easily and
cheaply by rudimentary methods. In particular,
they are responsive to environmental variables
including temperature, humidity, and vegetation,
and have been used to assess forest fragmentation,
management practices, site quality and classification
of habitat type, as well as studies of urban
ecology, insecticides, and effects of military
hardware (Rainio and Niemela [40] and references
therein). Moreover, carabids satisfy almost every
criterion for a useful bioindicator [16] and a
National Carabid Classification system has been
proposed as a tool for categorizing habitats in
the same way that the National Vegetation
Classification system is used to describe British
plant communities [53].

Standardized pitfall sampling regimes have
already been proposed for comparing carabid
communities across local, regional and national
scales in the UK [54-57]. There is now enough
data from comprehensive studies throughout
Europe [58, 59] to investigate the possibility of
international site comparisons. An example of
such a scheme is GLOBENET [16], based on a
simple, repeatable pitfall trapping protocol that is
used to detect carabid response to landscape
changes caused by humans around the world.
Responses are quantified by the same set of
metrics (a combination of indices that produce a
single statistic).

The aim of this paper is to investigate the
applicability of a standardized methodology for

carabids, and describe the measurement of site
biodiversity “quality” based on familiar diversity
indices. We discuss possible improvements for the
legitimate use of carabid beetles in environmental
assessments.

MATERIALS AND METHODS

We present here case study data donated by
Dr. Michael Eyre (University of Newcastle upon
Tyne) who used sampling methods that reflect the
considerations above.

Redesdale is an upland hillside in the Rede Valley
in Northumberland, UK. It rises from about 130m
OD to about 240 m OD. It is mainly peat, with
some mineral soils near the bottom of the hill. The
vegetation is a mixture of sheep-grazed moorland
grasses and heather.

Carabid communities were sampled by pitfall
trapping at each site. Redesdale was sampled in
1989 and again in 1991 (the sampling procedure
and position of traps was the same in both cases).
At Redesdale, three parallel transects were
installed along a hillside gradient. Each transect
consisted of seventeen or more sampling stations
with five traps per station (minimum 85 traps per
transect).

Traps were polypropylene pots of 85 cm in
diameter by 10 cm in depth, half-filled with 70%
ethanol-5% ethylene glycerol solution. Each trap
was sunk into the ground with the lip buried just
below the soil surface, positioned in a straight line
1-2 m apart. Sites were sampled at monthly
intervals from April to October (seven months) at
each site, at which time traps were emptied and
re-filled with fresh preservative. Contents of all
traps at each sampling station were poured
through a sieve and the retained material
transferred to a polythene bag in the field.

Trap contents were sorted on white plastic trays
under good light and any carabids were removed
for storage in specimen tubes containing 70%
alcohol. Each specimen was identified to species
level (nomenclature follows Luff [60]). Species
diversity was assessed by calculating species
richness and diversity indices (Shannon-Weiner,
Simpson’s and Berger-Parker) generated by the
computerized database Fungib (copyright Dr. Alan
Feest). The software also calculated population
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density, a species conservation value (rarity)
index (SCVI) and biomass index (see below). The
diversity indices were recalculated to reflect
proportional biomass as well as proportional
populations. Beetle sizes for the biomass index
were supplied by Luff [61] and converted to
biomass using the conversion factors given in
Brady and Noske [62].

Following Magurran [51] estimated species
richness was calculated using four methods:
Chaol, Chao2, Bootstrap and Jacknife, thus
combining non-parametric and rarefaction
estimators.

Formulae for the calculation of Shannon-Weiner,
Simpson’s and Berger-Parker indices can be
also be found in Magurran [51]. The remaining
parameters were calculated as follows:

Population density

Total number of individuals which may be
expressed as a standard input.

Species value index

Each species is assigned a value based on an
arbitrary scale (see below) derived from national
or regional occurrence statistics. The average of
the summed values produces an index of average
species commonness in the sample. Species are
ranked as follows:

Abundant 2
Common 3
Frequent 4
Occasional/Local 5
Rare 10
Very Rare 20
Extremely Rare 100

Biomass index

This is the mg weight per species converted from
the body length (Brady and Noske 2006) and per
total sample.

RESULTS

Pitfall trapping at Redesdale yielded a total of
39 species from 3,461 collected specimens in
1989 and 47 species from 3,965 specimens in
1991. Samples were dominated by specimens of
Carabus problematicus with high prevalence of

Pterostichus nigrita and, to a lesser degree,
Pterostichus diligens, Patrobus assimilis and
Loricera pilicornis.

Results from Fungib treatment of a sampling
transect at Redesdale (Redesdale 3/91) are presented
in Figure 1, with species listed in the first column
and sampling units represented in the first row.
Presenting data in this way (as opposed to species
lists) allows us to present species abundance and
co-occurrence as well as a range of indices and is
also useful for detecting sampling bias and
seasonal or inter-annual variations. The indices
compiled from sampling are given in Table 1.

Table 1 shows the complete Fungib-generated
biodiversity indices dataset from the two samplings
in 1989 and 1991, plus three sets of data where
the indices are expressed as per pitfall trap or per
individual.

The numbers of traps varied due to varying length
of uniform habitat, but in all cases there were at
least seventeen traps. The number of species per
run of traps was not proportional to the number of
traps and using the Species Richness estimators
(Chaol and 2, Bootstrap and Jacknife) showed
that most species present were recorded (in most
cases over 80% and always over 75%). Visual
inspection of the species accumulation curves
also showed that the species accrual rate was
approaching the asymptote. Statistical testing
(using t-tests) showed that there was no significant
difference between any of the data from any of the
trap lines, although species richness, SCVI,
population and biomass were all higher on the
second sampling (1991). In five of the six samples
the number of species recorded was between 33
and 36. Two differences between years were of note:

1. The diversity indices all recorded differences
between population-based estimates and biomass-
based estimates, and in all cases the biomass-
based estimates indicated lower diversity. This is
due to an increased population of individuals of
large-bodied species.

2. Mean biomass per trap, Mean biomass per
individual was significantly higher in the second
sampling (p=<0.05. t-Test) and the mean population
per trap (p=0.07. t-Test), albeit comparing only
two sets of three means (even if they are mean
values of seventeen or more traps).
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Table 1. Biodiversity quality dataset of three pitfall trap transect for 1989 and 1991.

Redesdale Redesdale Redesdale Redesdale Redesdale Redesdale

1/89 3/89 5/89 3/91 5/91 7/91
n= 20 17 19 17 19 17
1. Species richness 34 33 27 35 35 36
2. Shannon-Wiener/population 2.8 2.6 25 25 2.5 2.7
3. Shannon-Wiener/biomass 1.9 1.8 15 1.3 13 1.7
4. Simpson/population 11.8 9.5 8.9 7.4 6.8 9.9
5. Simpson/biomass 4 34 2.6 2 2 3
6. Berger-Parker/population 0.1 0.2 0.2 0.3 0.3 0.3
7. Berger-Parker/biomass 0.5 0.5 0.6 0.7 0.7 0.5
8. Population 1309 1053 1085 1140 1430 1376
9. SCVI 2.5 2.6 2.5 2.6 25 2.6
10. SCVI SD 0.8 0.9 0.8 0.9 0.9 0.9
11. Biomass 28402 22042 28627 34046 44140 44463
12. Chao 1 * 37 35 41 39.5 38
13. Chao 1 SD * 4.3 8.3 5.2 4 2.2
14. Chao 2 46.3 39.3 36 40.3 41.1 42.1
15. Chao 2 SD 9.7 5.9 7.7 4.1 5 5
16. Bootstrap 38.4 37.1 30.8 41.3 40.7 415
17. Bootstrap SD 4 3.8 21 5.9 55 5.3
18. Jacknife 40.6 37.7 32.7 455 41.6 42.6
19. Jacknife SD 9.3 75 10.5 115 10.8 12.7
20. Mean Biomass per trap 1420 1296 1507 2002 2323 2615
21. Mean Population per tap 65.45 61.94 57.1 67.06 75.26 80.91
22, Mean Biomass per 21.7 20.93 26.38 29.86 30.87 323

individual

n = number of traps. * = data not suitable for processing. 1 = Species Richness (number of species recorded in pit-fall traps
of one transect); 2-7. Biodiversity indices based on either population numbers or relative biomass; 8. Population (number
of individuals recorded in pitfall-traps of a transect); 9-10. Mean and Standard Deviation of Species Conservation Value
Index; 11. Biomass calculated as in text; 12-19. Estimated Species Richness and Standard Deviation of the estimate for
four different estimators; 20-22. Mean values of biomass and population per trap and per individual.

Legend to Figure 1. Survey results for carabid beetles in Redesdale Northumberland, United Kingdom (30/06/1991).
Sampling units (five pitfall traps per unit) are represented in the first row and species identifications are listed in the
first column with numbers of individuals recorded per sampling unit in the cells. Total individuals per sampling unit
are represented in the bottom row and per species in the column marked “Sum”. The total number of individuals
recorded in all sampling units is logged at the bottom of the “Sum” column. The SVI column = Species Value
Index, with average value at the bottom. The Bl column = Biomass Index, with total biomass at the bottom. Various
other index values are indicated in the free text below the table. Data presented as per Fungib, copyright Dr. Alan Feest.
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This second assessment confirms the first, in that
whilst no significant increase in population or
species richness can be demonstrated, we can
show that there has been a significant increase in
beetle biomass.

DISCUSSION

Testing the hypothesis

H1:. A standardized sampling will allow the
creation of a number of biodiversity quality
indices for establishing biodiversity baselines

Clearly a number of baseline indices have been
established and found to be testable statistically
for simple probability of difference. That most of
the baselines are not only similar in each of the
three transects, but also similar two years later,
allows confidence that they represent baselines. It
is perhaps not unexpected that, with species
turnover and habitat maturation, evidence is found
of an increase in biomass of beetles between the
years.

We have described a methodology based on
pitfall trapping that allows assessment of carabid
biodiversity quality to be represented by a range
of indices and other numerical parameters. The
technique is simple, cheap and easily repeatable
and could therefore be applied widely to (i) gather
information on poorly surveyed territories within
a timeframe relevant to decision-makers; (ii) rank
areas of conservation priority; or (iii) monitor
changes at sites over time and carry out management
impact assessments.

Although the use of pitfall trapping as a collecting
method for carabids is the subject of relentless
debate [38, 52, 63-67], it remains the most
widely-used system because it is cheap, simple to
use and traps can be left in situ for a length of
time with almost no servicing required [7].
Furthermore, studies in forests have shown that
the greatest number of invertebrate species occur
at ground level and at least 75% of canopy species
are also present on the ground [3, 68]. A key point
to consider is that, regardless of the limitations of
pitfall traps, a standardized sampling protocol is
subject to the same constraints and the bias is
constant wherever they are used (for example,
although pitfall traps fail to reflect absolute
abundance of species, all sites can still be compared

on the basis of relative abundance/activity).
Although relative abundance of species can
fluctuate erratically between years [69], inter-
annual composition of carabid populations has
been found to not differ greatly in pitfall samples
[70, 71]. Thus, pitfall trapping can provide a
useful “comparative reference” [72, 73] and has
been advocated as the best method for carabid
surveys across large geographic areas [66].
Indeed, an exceptional amount of pitfall trapping
data is already available for carabids across the
world and some of it has been used very
successfully in site comparisons [74]. Trapping
efficiency needs to be as high as possible for
minimal sampling programs and innovative
designs have been suggested by some authors
such as barrier-connected pitfall traps [75] and
funnel-covered pitfall traps [38, 76], which
markedly increase carabid detection success. Trap
size, collecting fluid and vegetation structure can
also affect ground beetle catches [77, 78] and
should be standardized for optimum performance.

The data from Redesdale (Figure 1) resembles a
species accumulation curve with a decreasing rate
of species accrual as sampling effort increases.
Although an asymptote is not reached, this is
rarely possible because late detection of rare,
displaced or vagrant species could potentially
increase the species list ad infinitum.

In comparing all six 85+trap transects at
Redesdale, there is high concordance between
biodiversity values with no significant differences
between parameters except in the case of biomass.
We can conclude from these findings that a single
“snapshot” transect of 85 traps at Redesdale will
produce a reliable estimate of biodiversity
quality. However, there appears to be year-to-year
variation, albeit insignificant, between the three
85-trap transects in 1989 and the three in 1991, as
deduced by synchronized differences in the data
output (Table 1). There is strong evidence in the
literature for inter-annual variation in carabid
beetle assemblages [52, 76, 79] and this has
particular relevance to short-term snapshot
assessments. Nevertheless, so long as data are
explained in plain terms and the limitations of
sampling surrogacy are communicated to policy-
makers, it is possible to make informed
management decisions in context [30, 80].
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Literature records describe minimal sampling
programs employing as few as five to thirty-five
sampling units, which produce reliable “snapshots”
of invertebrate faunas even in the tropics [4, 6, 20,
41, 81, 82]. It should also be noted that species
accumulation at Redesdale begins to diminish at
about six sets of traps (30 individual pitfall
traps; see Figure 1). Vennila and Rajagopal [81]
determined that 25-35 pitfall traps left open for
four months was optimal for measuring carabid
diversity in tropical forest. Leponce et al. [41]
indicated that 25 litter “traps” were also the best
compromise for tropical ants, even when compared
with results from an eight-fold oversampling
campaign and Feest [8] estimates that 20 samples
are sufficient for macrofungi communities. However,
small samples such as these are often met with
skepticism [83-86] and critics express concern
that year-to-year variation could produce different
snapshots of the same assemblage [52]. However,
Blake et al. [53] note that a “visually homogenous
plant community may be equivalent to sampling a
correspondingly homogenous beetle community”
and much therefore depends on the determination
of what are the limits of sampling site.

Research on coastal dune carabids in Belgium
[79] showed that more than half the species
recorded in a five-year pitfall trapping study were
vagrants rather than members of the locally
breeding population. This could be the result of
species being displaced from surrounding habitats
by coastal winds and thereby reaching dunes. It
also highlights the impact that immigrating species
can have on biodiversity assessments (Desender
[79] cites other research from grasslands in
Belgium where vagrants also comprise 50% or
more of sampled species). This provides a further
justification for reducing sampling effort in
biodiversity assessments.

Measuring biodiversity

Species richness and Simpson’s measures are
good discriminating factors for site quality, but
biomass is sensitive to natural variation in
numbers of trapped individuals and varies
significantly even within sites. Downie et al. [87]
indicate that it may be possible to quantify
stochastic variation and thus apply a correction
factor to the data output, but the validity of this
technique remains to be tested.

The other parameters we have measured are
numerically constrained in such a way as to
prevent valid statistical analysis (the Berger-
Parker index always falls between 0 and 1; the
Shannon-Weiner usually falls between 1.5 and
3.5; and the Species Conservation Value index is
averaged from a list of numbers that are, in this
case, nearly all the same, regardless of the site).
Magurran [51] argues that “an ecologist confronted
by [Shannon index] values of H> = 2.35 and
H’ = 2.47 may have little idea whether the two
sites in question have similar diversities or are
substantially different”. The raw form of the
Simpson’s index also has a range of 0-1 but the
Simpson’s Reciprocal Index used by the Fungib
program is less constrained. It has a numerical
ceiling, as determined by the number of categories
(in this case, number of species) but we were
still able to detect a statistical difference with
this index. It is therefore recommended that
alternative forms of other commonly-used indices
are investigated.

It has been argued that biodiversity indices are
not appropriate for carabid research or impact
assessments, because they are not sensitive
enough to habitat change, do not respond in a
consistent way, and can yield contradictory results
[11, 72, 88]. Furthermore, Luff [57] concludes
that they do not take account of the rate of
movement of species and thereby neglect the
relationship between actual density and pitfall
catch. In the same study, however, Luff explains
that rate of movement is correlated with body size
and the latter measurement could be used to
“correct” pitfall catches and generate alternative
indices. In theory, these indices could be more
sensitive to differences among carabid assemblages
and further investigation is recommended.

We argue that the balance of numerical
parameters generated from sampling can be used
to assess biodiversity quality of sites (sensu
Feest et al. [26]). The facets of biodiversity
measured are individually well understood so that
the method is attractive for a wide range of
ecological studies. Various authors have stressed
the importance of factors such as endemism [89],
species sensitivity [27], typicality [54] and rarity
[38], and the lattermost of these is represented in
this paper by the Species Conservation Value Index.
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This approach is not new since other authors have
developed rarity indices such as “species quality
factor”, “rarity quality factor” and “importance
value index” based on the same principle [6, 16,
54, 56, 90] but it provides an example of how
rarity can be expressed in quantitative terms,
rather than the commonly-used qualitative
description. Although in this study the SCVI was
not significantly different between sites, it
recognizes rare species accurately as a minority:
only one index grade 5 species was detected in
our data (Pterostichus aethiops) and the single
specimen was not enough to affect the mean
substantially. The SCVI becomes more responsive
if the standard deviation is incorporated — the
Fungib software calculates this automatically. It
would also be interesting if relative abundance of
species was factored into the SCVI, because
nationally uncommon, scarce or even rare species
can occur at high densities in certain sites even if
they are found nowhere else. For example, an
index grade 5 species, Pterostichus aethiops,
occurs frequently at Redesdale.

We are not suggesting that qualitative descriptions
of biodiversity factors such as rarity do not still
have a role to play (the numerical parameters
described here are insensitive to species identities),
but by themselves they are not appropriate
comparative references. The tabular data output
of the Fungib program (Figure 1) illustrates
the importance of other factors, such as patterns of
occurrence, co-occurrence, species abundance
and rarity.

CONCLUSIONS

Standardized sampling protocols need to be
informative, reliable and broad-spectrum, and
perform equally well in sites with high and low
biodiversity. It is therefore advisable to first
establish the minimum sampling effort needed
at sites with high species richness. This will help
to assure the performance of the methodology
across the board. Equally, restricted sampling
programmes should coincide with the period of
optimal activity in the target [19, 41] to avoid the
risk of underestimating biodiversity. For most
temperate epigean arthropods, activity peaks
during the spring and summer, although there is
evidence that some carabid beetles do not exhibit

seasonal variations and can be used for realistic
diversity estimates in short-term studies [73]. It is
important that there is minimal laxity when
following standardized protocols, since even
minor deviations in sampling method can bias the
results [57, 76].

Where a comprehensive species list is required at
a site, there is no substitute for intensive surveys
and criteria for sufficient sampling should,
therefore, reflect the aims of the project [4].
However, carabids meet the requirements of
ecological studies where economy of resources is
a priority, because they can be trapped in large
numbers with less effort than vertebrate taxa. We
have shown that pitfall trapping is a valid
technique for carabid studies and has the advantage
that other arthropod taxa such as rove beetles
(Staphylinidae), spiders, collembola and water
beetles [74, 91] can be collected with the same
technique. If a standardized methodology for
carabids performed equally well for these other
taxa, it would have the distinct benefit of
broadening the applicability of the technique and
providing additional levels of discrimination
between sites.

Taxonomy of invertebrates remains a problem
because it requires skill and training, yet the
minimal sampling protocol we suggest means that
identification and sorting can occur within weeks,
rather than years (as is customary for long-term
arthropod surveys).

We suggest that it is possible to economise on
sampling effort for carabids by: (i) ensuring
sampling is in homogenous sites if the aim is to
assess the biodiversity quality of a particular
habitat type; (ii) taking a single sample over
the summer months when temperate epigean
arthropod activity peaks if possible; and (iii)
restricting sample size to as little as 20 traps in
spatially homogenous sites. Extrapolation of these
results to other communities is speculative and
warrants further investigation. A broad spectrum
of habitats and taxonomic groups needs to be
considered before a general approach can be
developed and promulgated.

The value of this information will remain dependent
on the importance with which arthropods are
considered by resource managers and policy-makers,
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but it is hoped that these developments will lead to
consistent and representative monitoring techniques
for terrestrial biodiversity.
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